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Abstract: Vegetated and shallow areas such as wetlands and salt marshes, as well as freshwater lakes and rivers, have been identiﬁed as
hotspots for Hg methylation. The presence of aquatic macrophytes, the predominant primary producers in shallow waters, plays an
important but still poorly understood role in the fate of Hg in these environments. The present review focuses on the inﬂuences of
macrophytes on Hg speciation and distribution in sediments, the rhizosphere, and the water column; on Hg transformation; and on Hg
release to the environment, including transfer to the trophic web. Future research will require an improved understanding of the
mechanisms and the factors controlling these aspects as well as a broader general view. Thus, the main gaps in knowledge are also
discussed. Environ Toxicol Chem 2014;33:1225–1237. # 2013 SETAC
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bioaccumulation and transformation in macrophytes, and to Hg
release from macrophytes. Major gaps in existing knowledge are
highlighted, and suggestions for future research are provided.

INTRODUCTION

Macrophytes comprise a vast diversity of aquatic photosynthetic organisms that are visible to the naked eye. They
encompass large algae (chlorophyta, xanthophyta, and rhodophyta), bryophytes (mosses, hornworts, and liverworts), and
vascular plants including both aquatic spermatophytes (ﬂowering plants) and pteridophytes (ferns) [1]. In a wide range of
littoral ecosystems (i.e., rivers, marshes, ponds, and lakes),
macrophytes represent the predominant group of organisms
within the euphotic zone, in terms of biomass and primary
production [2].
As primary producers, macrophytes play a role as food source
to the detrital and herbivore food webs [3–5]. Additionally, the
aquatic vegetation offers numerous microhabitats and refuges
for periphyton, invertebrate, ﬁsh, water birds, and other fauna [4–
6]. Macrophytes also provide oxygen to the sediments and the
water column and are involved in biogeochemical cycling of
trace elements and nutrients [7,8]. Moreover, macrophytes in
shallow water environments have been shown to directly and
indirectly inﬂuence the availability and the fate of mercury (Hg)
species as well as its dispersion (Figure 1) [9–12].
Mercury is a global pollutant of primary concern because of
its volatility and long-range transport [13]. Both inorganic Hg
(IHg) and organic (e.g., methylmercury [MeHg] and dimethylmercury) forms are toxic and disturb ecosystems; however,
MeHg is biomagniﬁed in the food web, whereas IHg is
not [13,14]. The ﬁrst entry point of Hg into the food web is
generally accumulation in primary producers. Areas with
shallow water and vegetation—notably salt marshes, wetlands,
and mangroves—have been described as hotspots of Hg
methylation, whereas other shallow and vegetated freshwater
environments might also be of concern [2,15–20].
The present review summarizes the available literature
concerning the role of macrophytes in Hg fate (Figure 1).
Speciﬁc emphasis is given to the different processes at the
macrophyte/sediment and macrophyte/water interfaces, to Hg

EFFECTS OF ROOTS

Effects on rhizospheric sediments

Sediments are the main sink for Hg in aquatic ecosystems,
and MeHg is thought to be mainly produced in the sediments.
Macrophytes inﬂuence Hg fate in rhizospheric sediments by
affecting pH and redox potential (Eh) and by the exudation of
organic ligands. These factors indeed play important roles in Hg
mobilization and availability to the below-ground organs in the
sediments [9,21]. Two recent studies considered the rhizospheric
sediments of Phragmites australis and Juncus maritimus—2
emergent macrophytes from salt marshes—and the effect of their
presence on Hg distribution [19,22]. In the rhizosphere of P.
australis, pH decreased in summer to 6.2 and increased in
autumn to 8.0; however, no correlation with increase in biomass
or Hg accumulation was found. In J. maritimus, the pH tended to
decrease in autumn to 5.8, when Hg concentrations in
rhizospheric sediments increased and shoot biomass was the
smallest [21]. In general, a decreased pH is expected to increase
mobility and availability of Hg by reducing complexation with,
for example, organic matter or sulﬁdes. Nevertheless this effect
is observed at a lower pH than 5 [23]. This might explain why
both studies show no signiﬁcant correlation of pH change with
Hg bioaccumulation or translocation in plants [19,22].
In the same studies, Eh increased during autumn in the
rhizosphere of P. australis, and J. maritimus when the
concentration of Hg in plants was highest, supporting the
importance of this parameter for Hg bioavailability [9,21]. The
ability to increase Eh of sediments is correlated to the capacity of
macrophytes to transport oxygen, which differs among
species [22]. Oxygen released from roots affects not only the
Eh but also the biogeochemical dynamics of sulfur in sediments
that is known to interact with Hg biogeochemical cycle [24]. For
example, in the rhizosphere of Spartina, the precipitation of
metacinnabar b-HgS decreased Hg availability for both
methylation and accumulation [25]. Sulﬁde tends to precipitate
with Hg at values of Eh less than 150 mV, whereas for Eh
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Figure 1. Main indirect and direct effects of macrophytes on Hg fate in the aquatic environment: Hg is methylated by the periphyton associated with macrophytes
(A) and chelated by plant exudates (organic acids: yellow and red stars; B). Macrophytes modify the physicochemical parameters of sediments (B) and affect
microbial communities composition (microbes: orange dots; C). Macrophytes accumulate both inorganic and organic Hg by passive diffusion and through carriermediated mechanisms, notably Cu transporters, such as copper transporter 1 COPT1 (colored boxes). Mercury is then reduced, methylated, or demethylated
intracellularly (D). Mercury accumulated in macrophytes is further transported to other organs, acropetally for methylmercury (MeHg) and basipetally for
inorganic mercury (IHg; E). Eventually, Hg moves into the food web through herbivores (F) or is released to the environment by volatilization or during decay (G).
Trapping of sediment and reduction of water ﬂow caused by the presence of macrophyte beds also increase Hg retention (H). (A, C, and D) affect Hg speciation.
(B–D) affect Hg bioavailability. (D–H) affect the cycle of Hg. AA ¼ ascorbic acid; Cw ¼ cell wall; Eh ¼ redox potential; OM ¼ organic matter content;
SRB ¼ sulfate-reducing bacteria. [Color ﬁgure can be viewed in the online issue which is available at wileyonlinelibrary.com]

greater than þ200 mV, sulfate is the predominant form, with iron
and manganese occurring as insoluble hydrous oxides, hence
favoring binding of Hg to organic ligands [21]. Values of Eh
between 150 and 200 mV are considered favorable for Hg
mobility [21]. Therefore, Eh values measured in J. maritimus
rizosphere (150 and 260 mV) and for P. australis (250–
500 mV) suggested that J. maritimus would signiﬁcantly
promote Hg mobilization in sediments. Indeed, the concentration of Hg in the sediments was reduced when bioaccumulation
was observed in J. maritimus and the growth rate was negatively

correlated to bioaccumulation [21]. Conversely, bioaccumulation factors (BAFs) from sediments—deﬁned as the ratio
between the concentration in macrophyte roots and the initial
concentration in sediments—were very similar for both species,
highlighting our limited understanding of the processes.
The discrepancies between expected inﬂuence of pH and Eh
and observed Hg accumulation are attributable to the coinﬂuence of other determining factors affecting the mobility and
speciation of Hg, such as the concentration of organic matter, Fe,
Cl, and SO42 [26]. The Eh can be signiﬁcantly reduced by the
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deposition of organic debris, suggesting a role of the plant
metabolism and the surrounding environment in controlling this
factor [22]. In the rhizosperic sediments of P. australis, organic
matter content was lower at the contaminated site than at the
reference site, suggesting an effect of Hg concentration in
sediments on plant metabolism [9]. In both studies, organic
matter content in sediments was the highest in autumn, when the
highest accumulation was observed in P. australis but not in J.
maritimus [9,21]. The exudation of organic ligands by roots of
macrophytes is, conversely, expected to bind dissolved Hg and
reduce the amount of bioavailable Hg [15]. Nevertheless,
organic carbon released by plants into the rhizosphere also drives
dissimilar sulfate reduction, inﬂuencing sulfur and Hg speciation [24]. Moreover, the presence of organic matter and sulﬁdes
(2–6 mM) can increase Hg bioavailability through formation of
nanoparticles of Hg [27,28].
Overall, the scarce literature demonstrates that macrophyte
roots signiﬁcantly modify a number of factors in rhizospheric
sediments, including pH, Eh, and organic matter content, which
can in turn affect Hg mobility, as well as Hg availability and thus
Hg fate. However, further research is necessary to have a more
detailed understanding of the mechanisms behind the observations being made.
Effects on microbial communities and Hg methylation in the
rhizosphere

Roots of macrophytes inﬂuence microbial community
structure and activities, which can in turn affect Hg fate, notably
the speciation and bioavailability of Hg to plants. Changes in
microbial community composition have been reported in
rhizospheric versus bulk sediments. Mercury-resistant bacteria
were found associated to 24 macrophyte taxa isolated from lakes
and biological supply houses across the United States [29].
Mercury concentrations in Myriophyllum spicatum, Potamogeton crispus, and Spartina pectinata collected in an Hgcontaminated lake were very low (0.06  0.01 mg/kg dry wt),
but the same macrophyte species lacking Hg-resistant bacteria
collected in another lake showed greater toxicity symptoms and
15-fold higher Hg accumulation [29]. Bacteria were hypothesized to protect the macrophytes by reducing the amount of Hg
entering into their cells [29]. In the same line, Potamogeton
pusillus roots increased rates of Hg demethylation and inhibited
Hg methylation in sediments of constructed wetlands [15].
Other studies, however, demonstrated that macrophyte
microenvironments favor Hg accumulation. A clear link
between bacterial activity in the rhizosphere and the increased
accumulation of total Hg (THg; i.e., IHg þ MeHg) was shown
by comparing THg accumulation in wetland plants (Scirpus
robustus and Polypogon monspeliensis) in antibiotic treated and
untreated sediments [30]. Furthermore, high levels of THg and
MeHg, as well as high methylation rates were associated with
sediments colonized by macrophytes in salt marshes and
wetlands, particularly in actively growing plants [17,31]. In
salt marshes, MeHg in rhizospheric sediments of Sarcocornia
fruticosa, Halimione portulacoides, and Spartina maritima
reached 18% of the THg, which was 70-fold higher than the
values found in bulk sediments, whereas a 2-fold difference was
observed for MeHg [17]. In the same line, roots of Elodea
nuttallii—a submerged and rooted plant found in temperate
freshwater ecosystems—signiﬁcantly changed the bacterial
community structure in sediments and increased by 2-fold the
MeHg proportion of the THg in porewater [11]. Brieﬂy, 2
bacterial operational taxonomic units related to sulfate-reducing
bacteria (SRB) became more abundant, whereas THg concen-
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trations in porewater of rhizosphere sediments decreased 2-fold,
and MeHg concentrations increased in porewater and in
plants [11]. Because Hg methylation is thought to be linked to
bioavailable Hg(II), data suggested that the presence of the roots
favored methylation of Hg, maybe through SRB activity, and
favored bioaccumulation of MeHg, despite the diminished THg
concentration in porewater [11]. Similarly, the presence of
Elodea canadensis increased MeHg production by 2-fold in
sediments when compared with bulk sediments in microcosms [32]. Moreover, the MeHg percentage of the THg
signiﬁcantly increased along the part of an Hg-contaminated
reservoir colonized by macrophytes [10]. Recent estimations of
net MeHg budgets made in temperate lakes in France further
suggested that aquatic rhizosphere was the principal location for
MeHg production [16]. Bacteria and root-associated materials
were also shown to drive high Hg methylation in the roots of
ﬂoating macrophytes (e.g., Eichhornia crassipes) in the
Amazon [20,33]. To our knowledge, no detailed study
concerning this topic has been conducted in coastal areas,
although a similar effect can be expected in the rhizosphere of
macrophytes in these environments [34]. However, the overall
available data do not clearly determine whether roots directly
affect Hg distribution or solely affect the microbial community
structure, which in turn alters Hg distribution.
Bacteria, especially SRB, are widely expected to be the main
actor in Hg methylation, and the occurrence of these species in
the rhizosphere explains the higher methylation rates and MeHg
concentrations observed in vegetated areas of shallow water
environments [11,16,35]. Increased sulfate-reducing activity
was reported in the rhizosphere of marine and freshwater
macrophytes with a predominance of SRB in rhizosphere
compared with bulk sediments [36]. In wetland sediments, the
exudation of labile organic carbon (e.g., acetate) by roots of
plants resulted in enhanced microbial sulfate reduction activity
in the rhizosphere, and consequently in increased rates of Hg(II)methylation and MeHg concentrations [37]. Indeed, exudates
and oxygen released by roots into the rhizosphere drive SRB
activity in conjunction with organic carbon degradation through
dissimilar sulfate reduction [24]. Consequently, SRB are often
found in association with the roots of macrophytes. Their
abundance and species depend on the macrophyte species and
their speciﬁc exudates and on the sediment geochemistry. For
example, differences in the composition and frequency of SRB
subgroups in the rhizospheric sediments of C3 and C4 macrophytes have been observed [33]. The observed discrepancies
about the inﬂuence of the rhizosphere on Hg methylation might
be linked to conditions for microbial growth offered by
macrophyte root systems and consequently to bacteria species
favored by the local macrophyte communities. Not surprisingly,
great variability of methylation rates was found among
microorganisms isolated from different rhizospheric sediments
at different sampling sites and from different macrophyte
species [20]. Not all SRB are capable of Hg methylation, and
other microorganisms, including iron-reducing bacteria or
methanogens, may also be important for Hg methylation [37,38].
To summarize, available data support the hypothesis that
some macrophyte species create a microenvironment more
favorable for Hg methylation because of their direct and indirect
effects on sediment (see Effects on rhizospheric sediments) and
microbial communities. However, despite numerous studies on
the subject, we are still unable to predict Hg methylation rates
based on microbial community composition, because Hg
methylation is inﬂuenced by a large number of interacting
environmental variables. Moreover, whether roots provide only
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growing support for microorganisms or also take an active part in
Hg methylation remains unclear.
Accumulation of Hg in roots of macrophytes

Bioaccumulation of IHg and MeHg from sediments by
macrophytes can affect the Hg concentration in sediments and
also remobilize Hg from the sediments to the roots. Primary
producers, such as macrophytes, are considered as a putative
entry point of Hg into the food web. Therefore, their
bioaccumulation and modifying factors have been studied.
The bioaccumulation factor (BAF)—the ratio between the
concentration in root of macrophytes and the initial concentration in sediment—is used to quantify and compare Hg
bioaccumulation in macrophytes under different experimental
settings and between different sites. Bioaccumulation factors
from natural and artiﬁcial sediments to macrophyte roots range,
in most cases, from 101 kg/kg to 102 kg/kg for THg, suggesting
that THg contents in roots are generally lower than those found
in surrounding sediments (Table 1). An exception was found in
salt marshes in Portugal and Spain: concentrations in root
biomass as compared with bulk sediment were 9-fold and 44fold higher for THg and MeHg, respectively [17]. In coastal
wetlands, the highest concentrations of THg and MeHg were
also found in the roots of macrophytes, highlighting the
importance of vegetation for Hg fate in wetlands [34]. Only 1
other study reported a BAF of 101 for MeHg [11].
Porewater is often considered as a pool of nutrients and trace
elements available for roots, and therefore the Hg concentration
in porewater might be a more relevant indicator of Hg fate than
the Hg concentration found in sediments [11,39]. Only 1 study
took into account porewater concentrations, reporting BAFs in
the range of 104 L/kg and 103 L/kg range for MeHg and THg,
respectively [11]. However, too few studies are available to be
conclusive.

In general, the BAF approach is nevertheless rather limited,
because it does not take into account the Hg speciation and
different parameters affecting bioavailability to plants, the
possible translocation or release from plants, or metals adsorbed
onto the surface of plants and those internalized. Moreover in the
few studies trying to distinguish adsorbed and internalized Hg,
highly diverse washing protocols, in terms of reactants,
concentrations, and time, are used [31,40–42]. Overall, the
absence of a standardized method limits direct comparison
between Hg bioaccumulation studies.
EFFECTS AT THE ROOTS/SHOOTS INTERFACE

Physical effects on sedimentation and water flow

Macrophyte biomass has direct impacts on hydrology and
sediment dynamics [7,8]. High shoot density enhances the
dissipation of current and wave energy up to 90%, reduces
turbulence at the sediment/water interface up to 80%, and
consequently reduces resuspension of sediments and cycling of
elements [6,43–45]. The density of macrophyte beds can be high
enough to reduce water ﬂow and increase water residence time
10-fold and 18-fold, respectively [44,46]. A longer residence
time in macrophyte stands may promote the accumulation of ﬁne
sediments, with their associated nutrients and pollutants, and
could increase Hg transfer processes [44,46]. Indeed, ﬁner grain
sediments (<0.063 mm) showed higher Hg concentrations in
Lake Geneva [47]. Rooted macrophytes are expected to promote
sedimentation and protect against erosion and are consequently
thought to stabilize shorelines and bottom sediments [45]. These
effects vary with biomass, and the sedimentation process shows
a strong seasonality between vegetation trapping and resuspension after plant decay [46]. Overall, the effects of macrophytes
on sedimentation seem difﬁcult to generalize and need to be
explored locally to understand their impact on Hg fate.

Table 1. Accumulation and bioaccumulation factors (BAFs) of Hg in roots of macrophytes from natural and model sediments
Species
Natural sediment exposure
Elodea nuttallii
Egeria densa
Pistia stratiotes
Sagitaria montevidense
Caulerpa prolifera
Cymodocea nodosa
Posidonia oceanica
Ruppia cirrhosa
Zostera noltii
Elodea nuttallii
Juncus maritimus
Sarcocornia perennis
Triglochin marimata
Halimione portulacoides
Hygrophila schulli
Monochoria hastata
Paspalum scrobiculatum
Bacopa monniera monnieri
Cyperus rotundus
Eichhornia crassipes
Paspalum scrobiculatum
Model sediment exposure
Ipomoea aquatica
Ipomoea aquatica
a
Total Hg except when mentioned.
MeHg ¼ methylmercury.

Exposure (mg/kg)a

Time

7.5 (MeHg)
19
19
19
300
300
300
300
300
3300
20 840
20 840
20 840
20 840
41 000
41 000
41 000
192 000
192 000
192 000
192 000
2.1 (MeHg)
9600

10 d
10 d

Hga in roots (mg/kg dry wt)

BAF (kg/kg)

Reference

0.2
0.2
0.2
0.1
0.1
0.1
0.3
0.3
0.2
0.2
1.2
0.8
2.3
2.1
14
25
20
9
141
141
200

2.8  101
9.3
1.1  101
3.3
3.6  101
3  101
1.0
1.0
6  101
6.3  102
5.5  102
3.6  102
1.4  102
9.9  102
3.1  101
6.1  101
4.8  101
4.7  102
0.7
0.7
1.0

[11]
[49]
[49]
[49]
[48]
[48]
[48]
[48]
[48]
[11]
[31]
[31]
[31]
[31]
[54]
[54]
[54]
[54]
[54]
[58]
[54]

0.003 (MeHg)
2.2

1.6
2.3  101

[56]
[56]
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Translocation of Hg between roots and shoots

Macrophytes are exposed to the water column and sediments
and can accumulate Hg by both routes of exposure. Accumulated Hg can be further translocated from one organ to another,
where it can be released to the environment or to the food web. In
most macrophytes, THg concentrations found in roots are higher
than those in shoots, with the exception of Posidonia oceanica,
Sagittaria montevidensis, and E. crassipes, in which concentrations in roots were lower than in shoots (roots:shoots
concentrations ratio ¼ 0.66–0.95) [48,49]. On the opposite,
most studies report a slightly greater difference, 1.2-fold to 5fold of THg in roots than in shoots for a variety of species in
laboratory and ﬁeld studies (Table 2) [12,31,48–53]. Greater
differences, between 5-fold and 30-fold, are also reported
(Table 2) [31,54–57]. The largest differences were reported in
Ipomoea aquatica with 48-fold to 72-fold and 1700-fold
increases in concentration of roots versus shoots for THg and
MeHg, respectively (Table 2) [56]. However, studies concerning
E. crassipes report roots:shoots concentration ratios of 0.95, 1.6,
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1.8, 8.0, and 9.8 [49,51,54,57,58], illustrating the difﬁculty in
generalizing and comparing the different experimental settings
and perhaps ecotypes.
Inorganic Hg and MeHg were accumulated by roots and
shoots when the organ was directly exposed to Hg in the water
column or sediment in E. nuttallii. Nevertheless, accumulation
is not homogeneous between the different organs of plants.
Mercury concentrations were further reported to be highest in
roots, followed by leaves, and then stems and highest in the top,
then the middle, then the bottom of shoots in E. nuttallii when
exposed directly [12]. Transport of Hg from one organ to the
other was reported in E. nuttallii and Elodea densa; however,
basipetal transport (from shoots to roots) was predominant for
IHg, whereas acropetal (from roots to shoots) transport was
predominant for MeHg [11,12,26]. Basipetal transport of IHg
was also reported in Eriocaulon septangulare, but no
measurement of MeHg was performed [59]. Overall, the
existing literature suggests that in shoots IHg is mainly
accumulated from the water, whereas MeHg is accumulated

Table 2. Ratio of the Hg concentration between roots and shoots of macrophytes exposed to different media in the ﬁeld and in the laboratory
Exposurea

Time

Roots:shoots concentrationa

Reference

7000 ng/L ce
7000 ng/L ce
7000 ng/L ce
10 000 ng/L ce
10 000 ng/L ce
3.9  106 ng/L ce

25 d
25 d
25 d
28 d
28 d

1.8
1.6
1.9
1.4
1.4
9.8

[51]
[51]
[51]
[52]
[52]
[57]

0.2 mg/L
33.9 mg/L
54 mg/L
5400 mg/L
20 000 mg/L

4d
7d
10 d
7d
9d

1.2
72
48
4.5
1.8

[12]
[60]
[56]
[50]
[53]

1.1
1.8
5.0
0.7
2.2
1.9 (MeHg)
2.2
0.6
1.4
1.4
1.0
3
22
28
2.2
6
7.5
8
3.5
5.2
7.8
7.5
7.4
1.5
1.6
7.8
6.7

[48]
[48]
[48]
[48]
[48]
[11]
[49]
[49]
[49]
[49]
[49]
[11]
[31]
[31]
[31]
[31]
[54]
[54]
[54]
[54]
[54]
[54]
[54]
[54]
[58]
[54]
[54]

1 700 (MeHg)
27.4

[56]
[56]

Species
Water column exposure
Eichhornia crassipes
Lemna minor
Spirodela polyrhiza
Pistia stratiotes
Azolla pinnata
Eichornia spp.
Model media HgCl2 exposure
Elodea nuttallii
Ipomoea aquatica
Ipomoea aquatica
Vallisneria spiralis
Eichhornia crassipes
Sediments exposure
Cymodocea nodosa
Zostera noltii
Ruppia cirrhosa
Posidonia oceanica
Caulerpa prolifera
Elodea nuttallii
Egeria densa
Sagittaria montevidensis
Pistia stratiotes
Salvina auriculata
Eichhornia crassipes
Elodea nuttallii
Triglochin marimata
Juncus maritimus
Sarcocornia perennis
Halimione portulacoides
Bacopa monniera
Eichhornia crassipes
Hygrophila schulli
Ludwigia peploides
Marsilea spp.
Monochoria hastata
Paspalum scrobiculatum
Pistia stratiotes
Eichhornia crassipes
Cyperus rotundus L.
Paspalum scrobiculatum
Model sediments exposure
Ipomoea aquatica
Ipomoea aquatica

0.025 mg/kg
0.025 mg/kg
0.025 mg/kg
0.1 mg/kg
0.2 mg/kg
7.5 mg/kg (MeHg)
19 mg/kg
19 mg/kg
80 mg/kg
80 mg/kg
80 mg/kg
3300 mg/kg
20 840 mg/kg
20 840 mg/kg
20 840 mg/kg
20 840 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
41 000 mg/kg
192 000 mg/kg
192 000 mg/kg
192 000 mg/kg
2.1 mg/kg (MeHg)
9600 mg/kg

a
Total Hg except when mentioned.
ce ¼ contaminated efﬂuent; MeHg ¼ methyl Hg.

10 d
10 d
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from both water and sediments through roots to shoots
translocation [11,18,26,59].
Temporal variations in Hg accumulation and translocation
might explain some of the controversial data existing between
different experimental settings. For example, the highest
concentration in THg together with a signiﬁcant increase in
roots to shoots transfer in P. australis were found in the autumn
in the Laranjo basin salt marsh (Ria de Aveiro, Portugal) [9]. In
addition, Hg accumulated in roots was signiﬁcantly remobilized
by tides, although the mechanisms involved have not been
characterized [19]. Data also suggested a higher accumulation of
IHg and MeHg in juvenile and actively growing plant
parts [49,56]. Growth stages, seasons, and tide cycles have
not been considered in detail in most data reported to date but
need to be taken more into account in future research. However,
the precise mechanisms and factors controlling Hg translocation
between roots and shoots still need to be determined.
Accumulation of Hg from sediments in shoots

Because Hg might be translocated from roots to shoots (see
Translocation of Hg between roots and shoots), BAFs in shoots
versus sediments have been calculated. Studies that consider
only THg concentration in sediments and shoots generally result
in low BAFs in shoots (101–100 kg/kg; Table 3), suggesting a
low bioavailability or translocation of THg from sediments to
shoots [32,59]. Nevertheless, in most cases no information is

available to determine whether IHg or MeHg are predominantly
accumulated in plants from the water column, from the
sediments, or from porewater. When the Hg concentration in
porewaters was considered as the Hg source in shoots, BAFs of
103 and 104 were reported for THg and MeHg, respectively
(Table 3) [12]. In most cases, MeHg has been shown to result in
higher BAFs than IHg in different organisms in the laboratory
and in the ﬁeld [26]. However, a higher BAF of IHg versus
MeHg in roots of the submerged macrophyte E. densa was also
reported [26]. These controversial results showed that the
measurement of the THg in sediments alone is insufﬁcient. A
better understanding of the accumulation of Hg in shoots from
sediments requires a systematic measurement of both THg and
MeHg in porewater, the water column, and plants, with basic
physiological information of the studied plant species and
physicochemical characteristics of sediments and media being
provided. Indeed, many studies do not provide a complete set of
data, limiting the interpretation of their observations.
Nutrient availability seems, for example, to affect Hg
accumulation [60]. Dilution of the nutrient solution resulted in
higher concentrations of Hg in the leaves and stems of I.
aquatica [60]. In contrast, Hg concentrations in roots were not
inﬂuenced by the degree of nutrient dilution in the external
medium [60]. In the same line, low phosphate concentrations
increased Hg accumulation in shoots of E. crassipes [61].
Because biomass was not signiﬁcantly affected in nutrient-rich

Table 3. Accumulation and bioaccumulation factors (BAFs) of Hg in shoots of macrophytes from natural sediments, porewater of natural sediments, and model
sediments
Species
Sediments
Elodea nuttallii
Elodea spp.
Myriophylum spicatum
Nuphar variegatum
Egeria densa
Cymodocea nodosa
Ruppia cirrhosa
Zostera noltii
Vallisneria neotropicalis
Eichhornia crassipes
Pistia stratiotes
Salvina auriculata
Posidonia oceanica
Caulerpa prolifera
Eichhornia crassipes
Elodea nuttallii
Eichornia spp.
Ceratophyllum demersum
Elodea nuttallii
Potamogeton nodosus
Potamogeton pectinatus
Eichhornia crassipes
Ludwigia peploides
Marsilea spp.
Pistia stratiotes
Porewater
Elodea nuttallii
Elodea nuttallii
Model sediments HgCl2
Elodea canadensis
Elodea canadensis
Eriocaulon septangulare
Eichhornia crassipes
a

Exposurea

Hg in shoots (mg/kg dw)a

BAF (kg/kg)b

Reference

7.5 mg/kg (MeHg)
15–882 mg/kg
15–882 mg/kg
15–882 mg/kg
19 mg/kg
25 mg/kg
25 mg/kg
25 mg/kg
72 mg/kg
80 mg/kg
80 mg/kg
80 mg/kg
100 mg/kg
160 mg/kg
160 mg/kg
3300 mg/kg
5300 mg/kg ce
5500 mg/kg
5500 mg/kg
5500 mg/kg
5500 mg/kg
41 000 mg/kg ce
41 000 mg/kg ce
41 000 mg/kg ce
41 000 mg/kg ce

0.1
0.1
0.1
0.02
0.1
0.1
0.1
0.1
0.02
0.1
0.2
0.1
0.5
0.1
0.5
0.1
103
1.1
2.1
0.1
2.2
2.0
4.8
3.2
13

9.7  103
2.6
3.3
1.1
4.3
3.2
2.4
4
2.6  10–1
6.6
8.1
7.3
4.5
3.1  10–1
2.8
2.1  10–2
1.9  101
2.1  10–1
3.6  10–1
2.7  10–2
4.0  10–1
4.8  10–2
1.2  10–1
7.8  10–2
3.2  10–1

[11]
[72]
[72]
[72]
[49]
[48]
[48]
[48]
[73]
[49]
[49]
[49]
[48]
[48]
[58]
[11]
[57]
[12]
[12]
[12]
[12]
[54]
[54]
[54]
[54]

0.9 ng/L (MeHg)
42 ng/L

0.1 (MeHg)
0.1

7.6  104 L/kg
1.6  103 L/kg

[11]
[11]

0.5
10.6
0.4
286

9.6
5.4  101
2.9  10–1
1.0

[32]
[32]
[59]
[61]

50 mg/kg dry wt
197 mg/kg dry wt
1358 mg/kg dry wt
1 970 000 mg/kg dry wt

Total Hg except when mentioned.
kg/kg except when mentioned.
ce ¼ contaminated efﬂuent; MeHg ¼ methyl Hg.
b

Time

29 d
29 d
31 d
68 d
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media, the hypothesis of a biodilution effect on Hg accumulation
could be eliminated [60]. Alternatively, an abundance of
nutrients could inﬂuence the transport of Hg to the shoot, either
as a result of competition with the essential metals or as the result
of the presence of Hg species with a higher bioavailability, or a
combination of both [56,60]. Conversely, available studies
suggest that high metabolic rate and growth, which are not
expected in limiting media, favor Hg accumulation [56,61].
Bioaccumulation of Hg is also inﬂuenced by pH, pCl
(concentrations of Cl ions), light, temperature, and Hg
speciation [26]. For example, in E. densa, an increase of Cl–
ions or a decrease in pH increased Hg accumulation as a result of
their effects on Hg speciation [26]. Speciation is known to
inﬂuence uptake; neutral species of Hg, such as HgCl2 and
CH3HgCl, result in higher internalization than other species, and
MeHg often showed a higher uptake rate than IHg (see Uptake
mechanisms of Hg in macrophytes) [26,62]. Light increased the
metabolism (photosynthesis and transpiration) of Typha spp and
the transport of Hg to leaves and consequently volatilization of
Hg(0) from leaves [62].
Based on available studies, macrophytes could be largely
involved in the mobilization of MeHg from sediments to shoots
and its subsequent transfer in the food web or the air (see Release
of Hg from macrophytes).
EFFECTS OF SHOOTS

Physical effects on water/air interface

Macrophyte beds are involved in the reduction of Hg to
elemental Hg(0), in particular under summer conditions, but
precise mechanisms are still unclear [63]. Internal reduction by
ascorbic acid has been proposed (see Output of Hg from shoots),
but whether this is a widespread mechanism is not
known [64,65]. Several mechanisms, both complementary and
opposing, could also take part in Hg(0) production and
distribution in the water column in the presence of macrophytes.
The relative importance of the mechanisms involving macrophytes varies with plant species, season, plant biomass, and site
characteristics. A year-long ﬁeld dataset suggested a predominant photo-induced Hg(0) production, rather than a signiﬁcant
effect of macrophyte presence on Hg reduction in the StFrancois Bay (Canada) [63]. In the summer, however, macrophytes interfere with the evasion of Hg(0) to the atmosphere by
modifying ﬂow patterns, wind effect, and light penetration [63,66]. Dense vegetative mats of duckweeds limit emission
through diminished vapor transport across the water/air
interface, decreased photoreactions due to light attenuation,
plant Hg accumulation, and oxidation of Hg(0) to Hg(II),
resulting in reduced water to air ﬂuxes of Hg(0) to 17% to 67% of
open water (inversely correlated to percent cover) [66]. In E.
crassipes, Hg(0) emission was also reduced in the presence of
vegetation versus open water through a high accumulation of Hg
in roots, thereby reducing the availability of Hg for volatilization [67]. Mercury retained in a lake as a result of hindered
emission may increase the amount of Hg available for
methylation and bioaccumulation. Field data indicate that the
effects of macrophytes on Hg reduction are correlated to biomass
and limited spatially to the close proximity of the plants [63,66].
Accumulation of Hg from the water column in shoots

Macrophytes can accumulate Hg in shoots directly from
the water column. The accumulation of Hg in shoots of
macrophytes has been reported in the laboratory using Hg
spikes
[12,32,50,53,55,56,60,68–71],
and
in
the
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ﬁeld [9,11,12,21,48,49,51,52,54,57,58,72,73]. Data concerning
accumulation and calculated BAF, the ratio between the
concentrations in shoots of macrophytes and the initial
concentration in water or media, are summarized in Table 4.
Studies concerning emerged plants were not included in the table
because of low Hg accumulation usually observed in shoots.
Regarding submerged species, 1 study suggested that monocots
accumulate more in roots, whereas dicots translocate more to
shoots; however, these observations were not supported by other
studies as reﬂected by no signiﬁcant difference in BAFs [31].
Ferns, such as Salvinia spp., also accumulate variable amounts of
Hg, with BAFs ranging from 101 L/kg to 106 L/kg [49,52,54,70].
A broad range of exposure concentrations, from 0.1 ng/L to
20 mg/L, have been tested to examine Hg uptake by macrophytes. In many studies, tested concentrations were 103 to 106
higher than Hg concentrations found in water in the environment
(pg/L to ng/L) [10]. Submerged and ﬂoating macrophytes in
laboratory experiments, exposed to water spiked with IHg in the
mg/L range, resulted in BAFs ranging from 101 L/kg to 102 L/
kg (Table 4). Studies involving IHg spiked water in the mg/L
range generally resulted in a BAF of 102 L/kg [12,71]. Exposure
to lower concentrations of IHg in the ng/L range resulted in a
BAF of 103 L/Kg in E. nuttallii [12]. The fact that BAFs
increased with lower exposure concentrations suggests that high
and low afﬁnity transporters are involved in Hg uptake. A few
studies were concerned with spiking water with MeHg in the ng/
L range and reported BAFs reaching 104 L/kg, conﬁrming the
expected higher bioaccumulation of MeHg than IHg [12,69].
Uptake mechanisms of Hg in macrophytes

Accumulation of Hg by macrophytes needs to be understood
in detail to gain better knowledge of the mechanisms controlling
the fate and accumulation of Hg in macrophytes. The degree to
which an organism accumulates a toxic metal depends on rates
of internalization, distribution, metabolization, and elimination
of the toxic metal. The absorption of Hg compounds through cell
membranes seems essentially to be based on neutral chemical
species crossing the membrane by passive or facilitated diffusion
and Hg(II) and MeHg species passing via the anion, amino acid,
and thiol transport systems [12,74,75]. However, uncertainties
exist regarding the relative importance of these mechanisms,
which may be to some extent species speciﬁc. Early studies
concerning Hg uptake by artiﬁcial membranes proposed that the
toxicity of HgCl2 arises from its high permeability through lipid
bilayer membranes [74]. More recent studies with model
membranes demonstrated that neutral species of Hg, such as
HgCl2 and CH3HgCl, diffuse through biological membranes,
whereas other species such as HgClþ, CH3Hgþ, HgCl42–adsorb
at the membrane surface [26,76]. This is relevant because Hg
bound to membranes and the cell wall is regarded as less likely to
be transferred to the food web [77,78]. To our knowledge,
however, only 1 study addressed Hg uptake mechanism in
macrophytes [12].
In E. nuttallii, exposure at low temperatures or exposure of
dead plants to IHg and MeHg signiﬁcantly reduced their
accumulation (Figure 2). Data suggested that Hg might be
accumulated in E. nuttallii shoots by diffusion through the cell
wall, but Hg internalization in the cell sap was linked to
metabolism [12]. Moreover, a competition with Cuþ (more than
with Cu2þ) strongly reduced IHg accumulation in E. nuttallii
(Figure 2) [79]. These data suggested that the Cu transporters
COPT/CTRs could be the major routes for IHg assimilation;
several studies concerning eukaryotic model organisms have
shown the involvement of this transporter family in Cuþ
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Table 4. Accumulation and bioaccumulation factors (BAFs) of Hg in shoots of macrophytes from natural or spiked water column
Species
Water column
Egeria densa
Eichhornia crassipes
Pistia stratiotes
Salvina auriculata
Elodea nuttallii
Elodea nuttallii
Nuphar variegatum
Ceratophyllum demersum
Elodea nuttallii
Potamogeton nodosus
Potamogeton pectinatus
Elodea nuttallii
Eichhornia crassipes
Ludwigia peploides
Marsilea spp
Pistia stratiotes
Eichhornia crassipes
Lemna minor
Spirodela polyrrhiza
Azolla pinnata
Pistia stratiotes
Eichornia spp
Model media HgCl2
Elodea nuttallii
Elodea nuttallii
Eriocaulon septangulare
Elodea canadensis
Eriocaulon septangulare
Elodea nuttallii
Azolla caroliniana
Chara spp
Eichhornia spp
Hydrilla spp
Pistia stratiotes
Salvinia spp
Vallisneria spp
Vallisneria spiralis
Eichhornia crassipes
Model media CH3HgCl
Elodea nuttallii
Egeria densa
Elodea nuttallii
Elodea nuttallii

Exposurea

0.1 ng/L
0.1 ng/L
0.1 ng/L
0.1 ng/L
0.17 ng/L (MeHg)
0.9 ng/L (MeHg) pw
3–19 ng/L
8 ng/L
8 ng/L
8 ng/L
8 ng/L
42 ng/L pw
4000 ng/L ce
4000 ng/L ce
4000 ng/L ce
4000 ng/L ce
7000 ng/L ce
7000 ng/L ce
7000 ng/L ce
10 000 ng/L ce
10 000 ng/L ce
3.9  106 ng/L ce

Time

25 d
25 d
25 d
28 d
28 d

Hga in Shoots (mg/kg dry wt)

BAF (L/kg)

Reference

0.1
0.1
0.2
0.1
0.2 (MeHg)
0.1 (MeHg)
0.02.
1.1
2.1
0.
2.2
0.1
2.0
4.8
3.2
13
0.2
0.2
0.2
0.4
0.4
103

1.0  106
1.3  106
1.9  106
1.4  106
4.4  105
7. 6  104
7.0  103
1.15  105
2.3  105
1.9  104
2.4  105
1.6  103
5.0  102
1.2  103
8.0  102
3.3  103
3.1  101
2.7  101
2.1  101
4.5  101
4.2  101
2.6  101

[49]
[49]
[49]
[49]
[12]
[11]
[72]
[12]
[12]
[12]
[12]
[11]
[54]
[54]
[54]
[54]
[51]
[51]
[51]
[52]
[52]
[57]

0.02 mg/L
0.2 mg/L
0.5 mg/L
0.8 mg/L
1.8 mg/L
2 mg/L
1000 mg/L
1000 mg/L
1000 mg/L
1000 mg/L
1000 mg/L
1000 mg/L
1000 mg/L
5400 mg/L
20 000 mg/L

7d
7d
31 d
60 d
31 d
7d
12 d
5d
5d
5d
10 d
5d
5d
7d
9d

0.1
1.1
0.2
0.1
0.4
1.9
70
0.3
2.1
0.5
92
0.7
0.7
68
2430

2.3  103
5.7  103
3.5  102
1.4  10–1
2.2  102
9.6  102
7.0  101
0.3
2.1
0.5
9.2  101
0.7
0.7
1.3  101
1.2  102

[12]
[12]
[59]
[32]
[59]
[12]
[70]
[68]
[68]
[68]
[55]
[68]
[68]
[50]
[53]

3 ng/L
30 ng/L
30 ng/L
300 ng/L

7d
80 d
7d
7d

0.04
0.7 (fresh wt)
0.8
2.5

1.4  104
2.3  104
2.6  104
8.3  104

[12]
[69]
[12]
[12]

a
Total Hg except when mentioned.
cw ¼ contaminated efﬂuent; MeHg ¼ methylmercury; pw ¼ porewater.

acquisition from the environment [80,81]. Transcriptomic data
further revealed the down-regulation of the EnCOPT1 gene by
increasing concentrations of Hg(II) as well as Cu(II), supporting
the hypothesis of Hg(II) uptake via high-afﬁnity Cu transporters [79]. In summary, data suggest that high-afﬁnity Cu
transporters could be an important pathway for IHg assimilation
in this macrophyte. In E. nuttallii, however, transport of MeHg
appears to occur primarily through a different, yet to be
identiﬁed mechanism, but it is also linked in part to metabolic
activity [12,79]. In summary, the data currently available
suggest that Hg uptake is more tightly regulated by biological
mechanisms than previously thought. Nevertheless, to achieve a
better understanding of inﬂuence of macophytes on Hg fate, a
research priority should be placed on studying Hg uptake
mechanisms in macrophytes, and notably on the possibility of a
carrier-mediated transport pathway of MeHg.
Transformation of Hg in shoots

Demethylation, methylation, and volatilization of Hg occur
in macrophytes, suggesting that the concentration found in

organisms might not reﬂect the real Hg uptake from the
environment [19,32,56,69]. In E. densa exposed to MeHg in the
water column for 87 d, only 25% of the accumulated THg was in
the form of MeHg, indicating a signiﬁcant level of demethylation, which did not happen in the water [69]. On the contrary, in
I. aquatica, an exposure to HgCl2-spiked nutrient medium for a
period of 4 d, followed by 4 d without any addition of external
Hg, resulted in a 3-fold increase of MeHg concentrations in the
shoots as compared with levels directly after the Hg exposure,
suggesting methylation of Hg in planta [56]. Reduction of Hg(II)
to Hg(0) in the leaves with transpiration of Hg(0) as a
consequence was also observed [64,65]. Ionic Hg(II) is carried
by the transpiration ﬂow from roots to leaves and then reduced to
Hg(0) in the apoplastic spaces of the spongy mesophyll by
ascorbic acid [65]. Although the putative reduction with ascorbic
acid has been described in barley, authors suggested that
reduction of Hg(II) to Hg(0) occurs in macrophytes [62,82].
However, more species of macrophytes need to be studied to
determine whether other macrophytes can methylate, demethylate, or reduce Hg and what mechanisms are involved.
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Figure 2. Accumulation of total mercury (THg) measured by AMA-254 in
shoots of Elodea nuttallii exposed for 24 h to 200 ng/L HgCl2 (inorganic
mercury [IHg]) or 30 ng/L CH3HgCl (methylmercury [MeHg]) is affected by
temperature (4 8C), death (lyophilized shoots), as well as competition with
500 mg/L Cuþ. More than 60% of both Hg forms is internalized in shoots
(cell sap; p values as compared with IHg or MeHg in alive plants:  < 0.05,

< 0.01,  < 0.005; adapted from Regier et al. [12]).
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identiﬁed by the analytical technique of trypsin hydrolysis
followed by high-pressure liquid chromatography–inductive
coupled plasma–mass spectrometry analysis [86]. The occurrence of MeHg, Hg-cysteine, and b-HgS in close proximity
inside the roots suggested that Hg-cysteine was bound to cell
wall proteins and further pointed toward precipitation of b-HgS
with reduced sulfur concurrent with methylation [25]. However,
factors controlling Hg methylation or precipitation in this
environment await further elucidation. Overall, the studies
demonstrated an important role of thiol and carboxyl groups of
organic acids in controlling the intracellular fate of Hg.
However, XANES data are obtained from samples exposed to
very high Hg concentrations and therefore might not be fully
representative of environmental conditions. Additionally,
difﬁculty in differentiating between XANES spectra for species
such as Hg-cysteine, Hg-glutathione, Hg-phytochelatins, and
Hg bound to a sulfhydryl cysteine group of the biothiol or protein
hinders their interpretation [84]. Mercury speciation in macrophyte tissues therefore may not be limited to Hg-cysteine and
Hg-dicysteine. It is reasonable to expect that Hg also will have
complexed with other thiol- containing biomolecules. However,
data suggest that compartmentalization is involved in the greater
biomagniﬁcation of MeHg versus IHg, because its higher
intracellular accumulation would result in increased transfer
through herbivores.
RELEASE OF Hg FROM MACROPHYTES

Intracellular distribution and speciation of accumulated Hg

Output of Hg from shoots

Distribution of Hg inside plants can give further hints on fate
of Hg, because only cytosolic Hg is considered to be
bioavailable to herbivores [77,78]. These aspects in macrophytes
have unfortunately seldom been investigated until recently. In E.
nuttallii, the distribution of Hg at the subcellular level was
similar in shoots exposed for 24 h to 76 ng/L IHg and 23 ng/L
MeHg; close to 65% of THg was internalized, most probably in
the vacuole, whereas approximately 40% was bound to cell walls
and 5% in membranes [12,83]. When exposed to MeHg, 30% of
the THg in shoots was MeHg, but inside the cells 65% of THg
was MeHg [12,83]. In plants exposed by roots only, 100% of
THg was internalized in shoot cells in the form of MeHg [12].
Methylmercury is thus rapidly and preferentially accumulated
intracellularly, whereas IHg is more accumulated in the cell
wall [12]. After a longer exposure of 4 d, the proportion of THg
changed to 65% in cell wall and 36% in cytosol, whereas
membranes accounted for 3% of Hg, suggesting an important
role of the cell wall in this plant in chronic exposure [83]. In the
same line, ﬁeld observations in the salt marsh plant H.
portulacoides stressed the importance of cell wall immobilization of Hg [31]. Mercury could be retained in cell walls by means
of extracellular carbohydrates, such as pectic sites or hystidyl
groups forming very stable complexes. Mercury also could be
associated with thiols or cysteines of cell wall proteins such as
extensin, which contain several residues of cysteine [84].
Intracellular atoms found in close proximity to Hg were
observed by X-ray absorption near edge spectroscopy (XANES)
in E. crassipes. Mercury was in a form similar to MeHgcysteine, Hg-dicysteine, and also Hg-methionine in planta [85].
Mercury-S binding, as b-HgS, comprised 0% to 43.5%, Hg-S
binding in a form similar to Hg-cysteine represented 20.5% to
96.6%, and Hg-O coordination (including MeHg-acetate and
Hg-diacetate) represented 0% to 36.0% of the chemical species
in Spartina spp. [25]. In the same line, MeHg-cysteine was
abundant in rice, but other possible Hg forms could not be

Mercury is released during a plant’s lifetime at senescence
and decay. It can dissolve back to the water or be quickly
integrated into the sediment with plant debris at the end of the
growing season. For submerged species, a single study has
shown THg distribution and accumulation over time in E.
canadensis after a single spike of IHg in the water column [32].
During the ﬁrst weeks, 50% of IHg was transferred from the
water column to macrophytes, but after 1 mo IHg was
increasingly present in sediments (90%), and MeHg appeared
in sediments (3%) and also increased in the plants [32]. Overall,
accumulation in plants affected Hg distribution in the ecosystem
but was eventually released to other compartments.
Emergent and ﬂoating plants usually show signiﬁcantly
lower Hg concentrations than submerged plants found in the
same sites [12,72]. This may be attributable to physiological
differences affecting accumulation pathways, but also by
excretion. Indeed, amongst emergent species, Typha spp. was
shown to accumulate Hg in leaves from the atmosphere [18].
Conversely, a signiﬁcant ﬂux of Hg(0) from the leaves to the air
was measured in vegetation of Portuguese salt marshes,
suggesting that Hg was translocated from the sediments to the
leaves through the roots and was released continuously to the
air [19]. Wetland macrophytes are indeed important contributors
to regional Hg(0) ﬂuxes, and their ability to remobilize Hg from
sediments is an important part of the biogeochemical cycle of
Hg. Fluxes of Hg(0) range from 3 ng/m2 h1 in Spartina patens to
49 ng/m2 h1 in Typha spp. [62,82]. It was estimated that Hg(0)
released in salt marsh areas accounted for up to 4.5% of world
global Hg emissions [19]. Data suggest that Hg(0) was produced
in the sediments and transported through lacunal space to the
leaves [62,82] or was produced in the leaves after a reduction of
Hg(II) to Hg(0), allowing transpiration of Hg to occur [64,65].
Ascorbic acid was proposed as principal reductant of Hg(II) in
the apoplastic spaces of the spongy mesophyll where the bulk of
ionic Hg(II) is carried by the transpiration ﬂow [65]. Both
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transpiration ﬂow and regeneration and synthesis of ascorbic
acid are stimulated by light. Such a synergism promoting the
photoreduction of Hg(II) simultaneously is in line with the large
differences observed between day and night emission of Hg(0)
in the ﬁeld [62,64]. More generally, both IHg and MeHg in
macrophytes might be dispersed by drifting or hydrochory as
well as through herbivory [87].
Trophic transfer

Mercury biomagniﬁcation, notably of MeHg in the food web,
is one of the main hazardous consequences of Hg to mankind [3].
The MeHg bioaccumulation step from water to macrophytes
represents the largest single increase for MeHg concentrations in
aquatic ecosystems, reaching 104-fold and greater [10]. In
shallow waters, macrophytes are often an important entry point
of MeHg into the aquatic food web because they are the
dominant primary producers in these ecosystems. Moreover,
macrophytes can be exposed to both the water column and
sediments, the major source of MeHg. For example in the Babeni
reservoir in Romania, the average proportion of MeHg toward
THg increased from approximately 2% to 13% in the surface
water, to 28% to 56% in primary producers (macrophytes and
plankton), to 71% in zooplankton and 94% to 97% in ﬁsh,
whereas MeHg concentrations also increased (Figure 3) [10]. In
this reservoir, E. nuttallii could retain up to 5.6 mg Hg/m3,
including 1.56 mg/m3 MeHg based on the density found in the
literature for these plants (350–2800 g dw/m3) and the
concentrations reported there [12].
The high biomass produced by macrophytes makes them
signiﬁcant for Hg fate in shallow water environments.
Furthermore, several studies have shown that macrophytes are
a food source themselves (i.e., alive and decaying tissues) in
addition to serving as support to periphytic algae [3,10,73].
Thus, the factors controlling MeHg bioaccumulation from water
and sediments to primary producers at the base of the food web
are critical, yet they have been poorly investigated, in particular
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regarding macrophytes. Experimental data showed that MeHg
present in the biota is biomagniﬁed from the portion of the prey
that is assimilated by the predator (e.g., the cytoplasm), whereas
other Hg species found in portions that are not assimilated by the
consumers (e.g., membranes) are not biomagniﬁed [77,78]. Data
support the hypothesis of higher adsorption of IHg than MeHg
and consequently more biomagniﬁed MeHg versus IHg,
although too few data really exist to generalize these ﬁndings
to all organisms. Moreover, the precise mechanisms resulting in
these differences of fate need to be further elucidated. However,
the high amount of MeHg found in the cytosolic fraction in E.
nuttallii, putatively available for biomagniﬁcation, together with
studies that showed that Hg could be methylated in I. aquatica,
suggest that aquatic plants could be a signiﬁcant source of MeHg
to the food web and therefore call for more investigation [56,88].
At a contaminated site in Romania, food web biomagniﬁcation and structure was studied [10]. Phytoplankton and
macrophytes appeared at the base of 2 distinct food chains but
resulted in similarly high accumulation and biomagniﬁcation of
MeHg in ﬁsh [10]. In this reservoir, submerged macrophytes
showed a higher accumulation of THg (up to 2 mg kg1) than
other macrophytes and a similar MeHg accumulation (0.3 mg
kg1) to plankton (0.4 mg kg1) and thus represent a signiﬁcant
entry point into the food web [10,12]. In the same line, other
studies showed that emergent and submerged macrophytes such
as Scirpus ﬂuviatilis or E. canadensis made the greatest
contributions to the diets of macroinvertebrate and were
involved in bioaccumulation of MeHg in primary consumers
in Canadian and Bolivian Lakes [3,89].
Trophic transfer from macrophytes to ﬁsh in the laboratory
resulted in 3-fold higher accumulation of MeHg and IHg versus
direct exposure in carp [69]. Exposure to MeHg lasting 2 mo
resulted in 17% to 45% of the THg burden in Lymnaea and 4% to
8% in Elodea spp. [32]. Mercury intake by the leaves alone
accounted for the MeHg amount measured in the muscle of the
carp [69]. One ﬁsh consumed an average of 1.5 g E. densa/d,
corresponding to 1030 ng MeHg and 2950 ng IHg [69]. In these
2 studies, the trophic transfer clearly predominated over direct
exposure [32,69].
Macrophytes with high accumulation capacities therefore can
represent a signiﬁcant contamination source for herbivores and
contribute to the transfer of MeHg into the food web. The
transfer of MeHg to higher trophic levels could lead to
cautionary levels for human consumption, in particular when
elevated concentrations of THg and MeHg are found in
macrophytes. Hence, macrophytes are valuable models for
effective decision-making and environmental resource management in freshwater and estuarine systems. Clearly, further
investigation into Hg biomagniﬁcation in shallow water
ecosystems and the role of macrophytes in this process is needed.

*** ***
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Figure 3. Biocaccumulation factors (BAFs) of inorganic Hg (IHg) and
methylmercury (MeHg) measured in biota samples collected in August 2009
in the Babeni reservoir (Romania). The biggest bioconcentration step
happens in primary producers, here submerged macrophytes and phytoplankton, whereas the highest MeHg concentrations are found in ﬁsh.
Methylmercury is biomagniﬁed in the food web (p values as compared with
IHg or MeHg in macrophytes:  < 0.05,  < 0.01,  < 0.005; adapted from
Bravo et al. [10]).

The overview of the existing literature demonstrated that
macrophytes play important, but still overlooked, roles in Hg
fate in aquatic systems. They affect the dispersion, speciation,
and trophic transfer of Hg. Biomass production of macrophytes,
notably of shoots, is signiﬁcant, as is Hg accumulation.
Furthermore, these plants play important roles in aquatic
environments as sites for Hg methylation, as conveyors of Hg
to the environment or the food web, and as biomonitors of
environmental Hg concentrations. The current state of our
knowledge on Hg uptake and biomagniﬁcation demonstrates the
complexity and inﬂuence of a large number of biotic and abiotic
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factors, including physicochemical characteristics of the medium and their variations, structural and functional properties of
the macrophytes, Hg speciation, and contamination routes.
Available research supports the hypothesis that some macrophytes create a microenvironment favorable for Hg methylation
and that each macrophyte species might cope differently with Hg
exposure, being able to alter its concentrations in the
surrounding sediments, water, and air. This is of particular
importance because it emphasizes the role of individual plant
species and parameters of the surrounding media in the Hg
retention in ecosystems. Nevertheless, a broad mechanistic
understanding of the effect of macrophytes on Hg fate is also
clearly lacking, notably in view of the potential risk linked with
macrophyte communities found in contaminated sites.
Research priorities are to gain knowledge of the plant
metabolism of macrophytes found in Hg contaminated sites to
identify the relevant compartment of origin of the metal, as well
as to understand bioaccumulation. Therefore, the development
of a standardized leaching procedure would allow differentiating
the adsorbed and absorbed metal fraction and more meaningful
comparison of data in the literature. Methylmercury needs to be
systematically measured in all compartments, including porewater in sediments and at the subcellular level in organisms
when assessing Hg bioaccumulation and biomagniﬁcation.
Eventually, more studies need to be conducted at environmental
concentrations. Notably, the use of enrichment with Hg stable
isotopes is recommended to help understand methylation and
demethylation processes at environmental concentrations.
Improving the existing basic knowledge on roots to shoots
translocation is also necessary. Temporal information as well as
the development stages need to be taken into account. Lastly, the
uptake rate, internalization, and translocation mechanisms need
to be characterized in more detail and for more species.
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